Abstract. Conversion of native habitat to human-dominated uses is the main driver of global biodiversity loss, yet which species will be most impacted, and why, remain poorly known. There is thus an urgent need to develop frameworks for understanding, and predicting, the effect of habitat alteration on biodiversity. We develop an approach with three components: a demographic model, a regional database of life-history traits, and a sensitivity analysis of the model predictions. We use a spatially explicit model that predicts the fate of individual species in a human-dominated landscape. The model takes as parameters habitat affinity, population growth rate, annual dispersal, and dispersal behavior at the habitat edges. The model predicts the minimum area of native habitat that allows for persistence of a species. We apply the model to a regional community of species, the avifauna of Costa Rica. We gather life-history data (body mass, clutch size, breeding season length, number of broods per year, age at first breeding, life span, and dispersal distance) for Costa Rican birds. When data are not available for Costa Rican species, inferences are made from North American and European birds. We use these data to estimate the model parameters for each species. Minimum patch sizes predicted by the model are used to specify the relative degree of threat faced by each species. We perform a sensitivity analysis of patch size and relative vulnerability predictions to model assumptions and gaps in the data. Our predictions of relative vulnerability are robust to changes in model assumptions and agree with an independently derived empirical assessment. Our framework thus appears to be useful for understanding, and influencing, the fates of neotropical birds and possibly other taxa worldwide.
INTRODUCTION
Several factors have been identified as drivers of biodiversity loss including land-use change, direct exploitation through hunting and trade, biotic exchange, climate change, and nitrogen deposition (Hilton-Taylor 2000, Sala et al. 2000) . Among these, land-use change is the most important. Habitat loss affects an estimated 89% of all threatened birds and 83% of all threatened mammals (Hilton-Taylor 2000) . Of bird species affected by habitat loss, 74% are affected by the recent loss of tropical forests (BirdLife International 2000) . Tropical forest is disappearing at a rate of ϳ1% a year, mostly to logging and agricultural land uses (FAO 2001) .
The response of species to land-use change lies along a continuum: some species increase in abundance, whereas others decline markedly (Davies et al. 2000 , Owens and Bennett 2000 , Boulinier et al. 2001 , Daily 2001 (Sekercioglu et al. 2002) . For instance, Daily et al. (2001) , in a study of the native bird fauna of southern Costa Rica, found that 55% of the species occurred only in native forest, 23% of the species occurred in the agricultural habitats only, and 22% of the species occurred in both sets of habitat types.
In this paper we develop a framework for assessing the response of a regional group of species to land-use change. Models that link habitat loss and species extinctions can be broadly divided into two groups: species-area relationship (SAR) models and population viability analysis (PVA) models.
The SAR is well characterized by a power function relating the number of species in a region or island (S) to the area (A) of that region or island, as S ϰ A z where z is in the range of 0.25-0.35 for islands (Rosenzweig 1995) . Using this relationship, several studies have attempted to predict global extinction rates from deforestation rates (Reid 1992 , May et al. 1995 , Pimm et al. 1995 . A limitation of the SAR approach is that it does not discriminate among species. In particular, it assumes that all the species have the same sensitivity to land-use change, not allowing for any ranking of relative vulnerabilities to extinctions.
At the other end of the spectrum, PVA models describe the prospects of survival of a population or a SPECIES VULNERABILITY TO LAND-USE CHANGE metapopulation of a single species (Burgman et al. 1993, Groom and Pascual 1998) . Ideally, a PVA is based on a demographic model of a population that incorporates all of the processes likely to affect the dynamics of that population . Therefore, a PVA analysis typically demands a large amount of data. Common data requirements are: age structure of the population, fecundity and mortality rates for each age class, variances of those rates, number of habitat patches, carrying capacity of habitat patches, and migration structure of the metapopulation (Beissinger and Westphal 1998) . These data are not available for most species (Coulson et al. 2001) , which makes it difficult for PVA to be used in assessments of multispecies responses to land-use change.
Here we present a simple demographic model that uses life-history information on affinity to native and human-modified habitats, mean dispersal distance, and population growth rate to determine the fate of a species in a human-dominated landscape. We show how the model can be applied to a regional community of species, in particular the avifauna of Costa Rica, by estimating model parameters for each bird species from published data and from allometric relationships (Peters 1983 , Calder 1984 . The outcome of this process is an assessment of species vulnerability to land-use change based on a limited amount of empirical data.
A MODEL OF SPECIES EXTINCTION
Our model is inspired by the work of Skellam (1951) and draws on the later developments of Ludwig et al. (1979) and Cantrell and Cosner (2001) . Consider a population of a single species in an idealized landscape with a circular patch of native habitat with diameter L, surrounded by human-modified habitat (e.g., agricultural land). Assume that the two main forces driving the population dynamics are population growth and dispersal. We are interested in knowing whether a species can survive, so we analyze the population dynamics when numbers are low and consider population growth to be density independent. Let r 1 and r 2 denote the population growth in the native and modified habitat, respectively. Assume that the probability that each individual disperses a distance d in a small time interval ␦t is given by a radially symmetric Gaussian distribution:
where 2 is the dispersal variance per unit time. Let N(, t) denote the population size at time t at distance from the center of the patch of native habitat. Then, the dynamics of our population are described by the reaction-diffusion equation (Skellam 1951) :
where iϭ 1 if Ͻ L/2 and i ϭ 2 otherwise. To complete the mathematical formulation of the model, we impose the following boundary conditions at the edge of the native habitat:
The boundary condition for the fluxes (Eq. 3b) imposes a continuous flux at the edge of the patch; all individuals leaving the patch enter the human-modified habitat. The boundary conditions for the densities (Eq. 3a) are slightly more complicated because we introduce a new variable, ␣. This variable allows us to study the case in which individuals recognize the native habitat boundary and avoid dispersing into human-modified areas. Specifically, ␣ is the probability that an individual at the native habitat boundary will move outside, and 1 Ϫ ␣ is the probability that the individual will remain inside. When the individual ignores the boundary, we have ␣ ϭ 0.5 and the native habitat boundary is the same as any other region in terms of dispersal. Note that the boundary conditions (Eq. 3) are based on Ovaskainen and Cornell (2003) and differ from the ones in Cantrell and Cosner (1999) . It is intuitive that, if the population does well in both types of habitat, i.e., r 1 , r 2 Ͼ 0, then the population persists. A more interesting case occurs when the population has a positive growth rate in the native habitat but a negative growth rate (i.e., a mortality rate higher than the birth rate) in the human-modified lands (r 1 Ͼ 0 and r 2 Ͻ 0). This case corresponds to a source-sink dynamics (Pulliam, 1988) , where the native habitat is the single source and the human-modified habitat is the single sink, and it has been treated in a one-dimensional landscape by Cantrell and Cosner (1999) . Here we consider a two-dimensional landscape. Appendix A derives the analytical solution of the model. The main result is that there is a minimum area of native habitat, the critical patch size, below which a population will decline to extinction, due to individuals dispersing into human-modified habitat. The critical patch size, L*, is the implicit solution of
where R i ϭ r i /(2 2 ), and I n and K n are modified Bessel functions of the first and second kind of order n, respectively (Wolfram 1996) .
Eq. 4 can be solved numerically. The critical patch size decreases with increasing population growth rates in the native habitat and in the human-modified lands happens when we move in Fig. 1a toward the upper left corner (0,0) in a straight line from any initial point. The higher the dispersal, the larger the critical patch size must be to compensate for the individuals dispersing to the human-modified lands. In summary, a species with a low value of r 1 / 2 or a very negative value of r 2 / 2 needs a large patch to survive. The critical patch size increases with increasing probability of moving to the human-modified lands at the native habitat border (Fig. 1b) . If no individuals move outside the patch (␣ ϭ 0), a population with r 1 Ͼ 0 always survives (L* ϭ 0). Except where explicitly stated otherwise, we will assume ␣ ϭ 0.5 throughout this paper (i.e., individuals do not avoid dispersing into human-modified lands).
Finally, consider the case in which the population growth rate in the native habitat is negative but the population growth rate in the modified habitat is positive (r 1 Ͻ 0 and r 2 Ͼ 0, respectively). Then, the species persists because the area of modified habitat is assumed to extend to infinity, compensating for any population losses on the finite native habitat. Although both types of habitat are finite in the real world, this is a good approximation to what happens when the modified habitat covers a much wider area than the remaining native habitat.
APPLYING THE MODEL TO COSTA RICAN BIRDS
The Costa Rican avifauna is an important subset of the Neotropical avifauna, containing 21% of the ϳ4037 species that occur in the neotropics (Stotz et al. 1996) . Furthermore, Costa Rican birds are among the most well studied in the tropics. Thus, the Costa Rican avifauna is an excellent system in which to apply our model.
Because we are interested in species that may be endangered by conversion of native terrestrial habitat to agricultural lands, we exclude the families of aquatic birds from our analysis. This leaves us with 652 birds of 49 families (see Appendix B).
Our model requires three species-dependent parameters: population growth in native habitat (r 1 ), population growth in human-modified habitat (r 2 ), and dispersal variance ( 2 ). To estimate these parameters, we used data from Costa Rica and neighboring countries. When no such data were available, we resorted to data from North America on Costa Rican species that cooccur there (mostly migrants), and used allometric relationships (Peters 1983 , Calder 1984 to make inferences for the remaining Costa Rican species. For dispersal, the best data available were from an allometric relationship for European birds. Species body masses for Costa Rica were taken from Stiles and Skutch (1989) , for North America from Sibley (2000) , and for Europe from Cramp (1977) .
Estimating population growth rate
We start by estimating the maximum population growth rate, r, for each species. The maximum population growth rate is achieved under ideal conditions. In the end of this section, we assign values to the population growth rates in the native and modified habitats (r 1 and r 2 ) based on the habitat affinities and on the the maximum population growth rate of each species.
When a complete life table is available, the growth rate r of a population can be found by solving the following equation (Cole 1954) : female of age class x), ␤ is the age at first breeding (rounded to the nearest integer), and is the age at last breeding (rounded to the nearest integer).
However, a complete life table is rarely available, and several comparative studies (Hennemann 1983 , Ross 1988 ) have resorted to simplifications of Eq. 5. Here, we assume that: (1) individuals die at a constant rate (i.e., l x ϭ e Ϫx ); (2) fecundity is constant and equal to the mean number of broods per female per year ␦, times the number of female eggs per clutch b (50% of the clutch size); (3) survivorship after age 50 can be approximated by 0. With these assumptions, Eq. 5 simplifies to 50
xϭ␤ Before estimating each component of Eq. 6, we note the limitations of our assumptions. Although survival is approximately constant after birds reach adulthood, juvenile survival is generally lower than adult survival (Caughley 1976 , Gill 1995 . For instance, reported values of juvenile survival for tropical birds average 37% (Russell 2000) , in contrast with 71% for adult survival (Sandercock et al. 2000) . We decided to ignore this difference because we do not have enough data to estimate survival in both age classes and because we are interested in the ''best scenario'' for survival.
In calculating fecundity, we implicitly assume that all eggs hatch and that all young fledge. Again, this is far from true, and the main reasons for making such assumptions are the lack of data and that we are using the ''best scenario.'' Clutch size.-First, migratory status was determined based on Stiles and Skutch (1989) . Clutch sizes for nonbreeding species (79 species) were taken from Ehrlich et al. (1988) ; clutch sizes for species breeding in Costa Rica (574 species) were taken from Stiles and Skutch (1989) . Stiles and Skutch (1989) do not give clutch sizes for 21% of the breeding species. For some of these species, we were able to get clutch sizes from other sources (Brown and Amadon 1968 , Gerhardt et al. 1994 , Christian and Roberts 2000 , Thorstrom and Quixchan 2000 . For the breeding species for which we could not find any data, we used the average clutch size of the genus (54 species) or, if this was not available, the average clutch size of the family (63 species).
Number of broods per year.-Determining how many successful broods a female raises each year demands great observation effort. Thus, many more data are available for the migrants breeding in North America than for the species breeding in Costa Rica. However, Stiles and Skutch (1989) report breeding season length for ϳ80% of the species breeding in Costa Rica, which, in conjunction with some measure of duration of nest cycle, can be used to estimate the number of broods per year (Ricklefs and Bloom 1977) .
We took number of broods per year and breeding season lengths for 107 Costa Rican migrants from The Birds of North America (Poole and Gill 1992-2002 ). An allometric relationship for length of brood time, , was calculated by Blueweiss et al. (1978) :
where m is body mass in grams and is measured in months. We then log-log regressed number of broods per year against breeding season length divided by length of brood time (Fig. 2a , Table 1 ):
where is breeding season length. The idea behind Eq. 8 is that the available time for multiple broods depends not only on breeding season length but also on how long it takes to raise a brood. Finally, we inferred number of broods per year for breeding species and for the remaining migrant species using Eqs. 7 and 8. For the breeding birds for which there were no data on breeding season length, we used the average breeding season length of the genus (63 species) or family (65 species). , where represents the normally distributed residuals. † The allometric relationship calculated from linear regression of the log-log transformed data, with variables m (body mass in grams), (breeding season length), and (length of brood time).
‡ Residual variance of the linear regression.
FIG. 3. (a)
Regression of maximum life span with body mass (log-log plot) for Costa Rican bird species (data are from Patuxent Wildlife Research Center, U.S. Geological Survey). (b) Regression of dispersal variance with body mass (log-log plot) for British resident birds (data are from Paradis et al. [1998] ).
Age at first breeding.-We took data on age at first breeding for 78 Costa Rican species (mostly migrants) described in Birds of North America (Poole and Gill 1992-2002) . We used these data to calculate an allometric relationship for age at first breeding, in years ( Fig. 2b 
This relationship was then used to estimate age at first breeding for the remaining species. Mortality rate.-Data on mortality rates on Neotropical birds are scarce and cover mostly passerines (reviewed in Sandercock et al. 2000 ). An alternative would be to use data on annual mortalities from temperate birds. However, it is still not clear if survival rates differ between temperate and tropical regions (Karr et al. 1990 , Martin 1996 , Brawn et al. 1999 , Ghalambor and Martin 2001 . Furthermore, survival data are obtained with different methods for different species, and some of the methods overestimate mortality rates (Brawn et al., 1999) . Thus, we chose to use available data on maximum life spans.
We obtained ages of the oldest banded birds for 115 Costa Rican species from the Patuxent Wildlife Research Center, U.S. Geological Survey (Klimkiewicz 2000) . We log-log regressed maximum life span in years ⍀ with body mass to obtain 0.213 ⍀ ϭ 4.25m (10) (see Fig. 3a , Table 1 ). Assuming that the maximum life span is proportional to the expected life span (1/), we have
To determine the proportionality constant c, we use data on adult annual mortality (q) of four particularly wellstudied Costa Rican species: Chiroxiphia linearis, q ϭ 0.23 (Sandercock et al. 2000) ; Phaethornis superciliosus, q ϭ 0.43 (Sandercock et al. 2000) ; Myrmotherula axillaries (Jullien and Thiollay 1998) , q ϭ 0.22; and Pipra mentalis (Brawn et al. 1995) , q ϭ 0.28. Annual mortalities can be converted into instantaneous mortality rates as ϭ Ϫlog(1 Ϫ q). The geometric mean of the body masses of these four species is 11.2 g (Appendix B) and the geometric mean of the instantaneous mortality rates is 0.332; therefore, c ϭ 2.36. Mortality rates for all Costa Rican species, with the exception of these four species, were estimated using Eq. 11. Growth rates in native and modified habitat.-Using the descriptions of habits of Stiles and Skutch (1989) , we classified the birds into three habitat affinity groups: r 2 Group C, we assume that the maximum population growth rate is attained in the human-modified habitat, ϭ r. We do not need to determine the growth rate C r 2 of Group C species in native habitat because our model predicts the persistence of any species with positive population growth rate in the human-modified lands.
Estimating dispersal
Speaking broadly, we can consider two types of animal movement: movements inside an individual's home range (e.g., foraging), and movement from an old home range to a new home range in the landscape. It is this second type of movement that we name dispersal and that we have incorporated into our modeling framework Eq. 2.
Dispersal estimates are difficult to obtain, requiring either radio-tracking of individuals over long periods of time or large-scale banding studies. Few data exist for tropical birds (two exceptions are Griffin et al. [1998] and Woodworth et al. [1998] ) and these data are insufficient to estimate an allometric relationship. Instead, we use a study of European birds (Paradis et al. 1998) . We note that in contrast with other life-history traits, there are no studies comparing dispersal distances between tropical and temperate birds, so we do not know if important differences in dispersal behavior between temperate and tropical birds exist. Paradis et al. (1998) estimated mean dispersal distance for 75 species from bird-banding data in Britain and Ireland over a period of 85 years (ϳ0.5 ϫ 10 6 recoveries). Data from recoveries of birds likely to be in their migration route were discarded. Average dispersal distance was then estimated from birds banded in their year of birth and recovered at breeding age. Paradis et al. (1998) 
Predictions and comparison with empirical classification
Equipped with the estimates of r 1 , r 2 , and 2 for each Costa Rican bird species, we can use Expression 4 to predict the smallest patch of native habitat that allows a species to survive in a human-dominated landscape. Appendix B ranks the Costa Rican birds according to our predictions, from species that need larger native habitat patches to species that need smaller native habitat patches. Naturally, this is also a ranking of vulnerability to habitat conversion.
One important caveat is in order. Our model is conceptually more appropriate for resident birds than for migrant birds, as is apparent in the calculations of growth rate in the modified habitat and of dispersal. We assumed no reproduction of species in Group B in human-modified habitat. However, the large majority of Costa Rican migrants breed in North America. Our estimates of natal dispersal for migrants were based on dispersal from place of birth to breeding grounds, and may not reflect dispersal between wintering grounds. Therefore our estimates of critical patch size for Costa Rican migrants should be interpreted only qualitatively, as a tool to assess relative vulnerabilities among migrants. Critical patch sizes of migrant birds and residents are not comparable. For that reason, Appendix B lists residents separately from migrants. Also, in the remainder of this paper, we restrict our analysis to resident birds.
How does our ranking compare with previous classifications of vulnerability? Stotz et al. (1996) Stotz et al. (1996) . Each point corresponds to an individual species. The line connects mean patch size for each conservation priority; error bars are standard errors of the means. 
‡ Percentage of species with intermediate and high conservation priority according to Stotz et al. (1996) . § Number of species that are year-round residents in Costa Rica.
FIG. 5. Distribution of critical patch areas ([L*/2] 2 ) for
Costa Rican resident birds. The bar at 0 km 2 corresponds to species that do not use native habitats (Group C). The remaining bars correspond to species in Groups A and B. gory. Fig. 4 plots our predicted critical patch size for each resident species against its Stotz et al. (1996) classification of vulnerability. There is a large variation of critical patch sizes in each vulnerability category. Nevertheless, mean patch sizes display an agreement between model predictions and the classification of Stotz et al. (1996) : species with low conservation priority need smaller native habitat patches than species with medium conservation priority, which, in turn, need smaller native habitat patches than species with high conservation priority. A Kruskall-Wallis test shows that this trend is significant (N ϭ 570, P Ͻ 0.0001). Table 2 shows a list of families that, according to our model, have a larger than expected percentage of vulnerable species. These vulnerable families can be divided in four groups: birds of prey and vultures (Accipitridae, Falconidae, and Cathartidae); game birds such as tinamous, curassows, and pheasants (Tinamidae, Cracidae, and Phasianidae); intermediate-size birds such as parrots, owls, potoos, and doves (Psitaccidae, Strigidae, Nyctibiidae, and Columbidae); and smaller birds (Cuculidae, Cotingidae, and Caprimulgidae). It is not surprising to see large and intermediatesize birds among the most vulnerable to habitat conversion because, in our database, large body mass is associated with slow population growth rate and large dispersal. Families with small body mass that require large areas of native habitat have small clutch sizes (in Cucculidae only the vulnerable species, Neomorphus geoffroyi has a small clutch size). A characteristic common to all but one of the 13 vulnerable families is that the majority of species in those families use native habitats. The exception is Caprimulgidae which has only three species using native habitats. Nine of the 13 families that we classify as vulnerable have species classified with medium and high conservation priority by Stotz et al. (Table 2 ).
The distribution of critical patch sizes is unimodal and right-skewed (Fig. 5) . Despite species in Group A having a much higher mortality in modified habitat than species in Group B, the critical patches of species in those groups are intermixed. The mode corresponds to patch sizes between 0 and 40 km 2 , but there is a long tail of species requiring larger patch sizes. For refer- where is the species-dependent ''natural'' mortality rate (see Eq. 11). ence, the total area of forest remaining in Costa Rica is ϳ14 000 km 2 . However, the forest is highly fragmented, with only 19 patches having contiguous areas Ͼ80 km 2 and only six patches Ͼ1000 km 2 (G. A. Sánchez-Azofeifa and J. C.
Calvo, personal communication).

Sensitivity analysis
The critical patch sizes and the ranking of relative vulnerabilities calculated in the previous section (and listed in Appendix B) are baseline predictions. In this section, we analyze how sensitive those predictions are to some of our assumptions and to the variance left unexplained by allometric regressions.
The sensitivity measures used are: (1) the median of the critical patch diameters; (2) the interquartile range of critical patch diameters; and (3) the Spearman rank correlation with the baseline ranks. The first two indicators measure how the distributions of critical patches change, and the third indicator measures how the relative rankings of vulnerabilities change. The data set for the sensitivity analysis was restricted to the resident species that use native habitats (Groups A and B).
Our baseline predictions assumed that individuals behave at the native habitat edge much the same as anywhere else in the landscape, having a 50% probability of dispersing outside the native habitat. However, some empirical studies show that forest birds avoid crossing forest gaps in response to mobbing calls or in homing experiments Hannon 1997, Belisle et al. 2001) . Table 3 shows what happens when the probabilities of dispersing outside are instead 1/3 and 1/6. The relative rankings of vulnerabilities change very little relative to our baseline predictions (rank correlations close to 1.0). The median of the critical patch sizes decreases in proportion to the percentage decrease in the probability of moving outside. The interquartile range of critical sizes also narrows.
We have assumed that the mortality rate in humanmodified lands is much higher in species that use only native habitats ( ϭ Ϫ10) than in species that use both A r 2 native and human-modified habitats ( ϭ Ϫ). Table   B r 2 3 reports what happens when the species in both groups have the same mortality rate in the human-modified lands, both in the case of a high mortality rate ( ϭ ϭ Ϫ). The relative rankings of vulnerabilities change little, but the median of the critical patch sizes increases by ϳ50% when both groups of species have very high mortality rates in the human-modified lands. Because we have chosen 10 as the value of mortality rate for species in Group A somewhat arbitrarily, we also consider in Table 3 the case of instantaneous death ( ϭ A r 2 Ϫϱ) and a mortality rate one order of magnitude smaller ( ϭ Ϫ1). In both cases, the changes in distribution A r 2 of patch sizes and the rankings are small.
To study the sensitivity of our results to the unexplained variance in the allometric relationships, we performed Monte Carlo simulations (Table 4) . Each Monte Carlo simulation consisted of adding errors to the allometric estimates of all species and estimating the sensitivity measures. The errors were normally distributed with mean zero and variance equal to the unexplained variance in the allometric relationship (Table  1) . In this way we replicated the expected variance around the allometric regression lines. We performed 100 Monte Carlo simulations for each parameter, and Table 4 shows the average values. In the last row we report results from 1000 Monte Carlo simulations in which all parameters were perturbed simultaneously (Table 4) . These 1000 simulations were also used to produce a 90% confidence interval for the critical patch size for each species in Appendix B.
Vulnerability rankings are particularly sensitive to unexplained variance in dispersal (Table 4) , but the correlation between baseline ranks and ranks from Monte Carlo simulations is nevertheless significant (N ϭ 474, P Ͻ 0.001). These vulnerability changes are partially a consequence of the large residual variance on the allometric relationship (Table 1) , but also reflect the numerical sensitivity of the critical patch size to small changes in dispersal. Surprisingly, the median of the critical patches increases in the Monte Carlo sim-ulations, becoming up to 20% greater in the case of perturbing all parameters simultaneously. This effect may seem counterintuitive because the errors have mean 0 in the log-log transformed data. However, the errors in the untransformed data are multiplicative, with lognormal distribution (see Table 1 ), resulting in a right-skewed distribution of values. Furthermore those errors are fed to the nonlinear calculation of critical patch size.
Finally, the confidence intervals in Appendix B suggest that the critical patch size predicted for each species is likely to have an error of one order of magnitude. This also means that relative rankings of vulnerability are meaningful only for species that have ranks far apart.
DISCUSSION
We have presented a general framework for assessing the relative vulnerability of species to land-use change, integrating a mechanistic model and empirical information. The approach we take could, in principle, be applied in many contexts, including seascapes undergoing habitat modification. We now discuss some implications of the model and compare our framework with other approaches.
Model predictions
The demographic model presented in this paper belongs to a general category of reaction-diffusion models for population dynamics, named KISS models, after the original papers of Skellam (1951) and Kierstead and Slobodkin (1953) . When applied to a regional community of species, KISS models are able to predict some well-known biogeographic patterns, such as the species-area relationship Cosner 1994, 2001 ) and nested distributions (this work and Cantrell and Cosner 1994) . Therefore, a prediction from our model is that the larger the patch of native habitat the more species it contains, including all the species present in the smaller patches. Although nestedness is observed in forest fragments (Blake 1991 , Wright et al. 1998 , there is also species turnover across fragments, in part because of habitat differences between different patches of native habitat, which are not incorporated into our model.
In our model, species with a large ratio of dispersal to population growth and with low affinity for humanmodified habitats are especially vulnerable to habitat destruction. The vulnerability of species with large dispersal distances is a result of the source-sink structure of KISS models (Cantrell and Cosner 1999) . In contrast, metapopulation theory predicts that species with high dispersal fare better in fragmented landscapes (Hanski 1999) . This difference occurs because metapopulation theory considers multiple patches in a stochastic environment, and a species that does not disperse at all is very vulnerable to local stochastic extinctions (Metz et al. 1983, Casagrandi and Gatto 1999) . Local extinctions are particularly common when populations in the habitat patches are small (Foley 1994) .
Therefore, there are two opposing forces acting on dispersal during habitat loss (Hanski 2001) . On one hand, dispersal is risky in a fragmented landscape because some dispersing individuals will fail to locate suitable habitat. On the other hand, dispersal may help to sustain metapopulations in fragmented landscapes by rescuing small populations from stochastic extinctions. The question then is, which effect prevails in natural populations? Some studies suggest that species with large dispersal are most affected by habitat loss (Gibbs 1998 , Thomas 2000 , Carr and Fahrig 2001 , whereas others have found the opposite pattern (Laurance 1990, Lens et al. 2002) . Clearly, more studies, and studies on a wider array of taxa using different cues of habitat suitability, are needed.
A related question is how well annual dispersal can be approximated by a Gaussian distribution, as is assumed in our model. Individuals dispersing in a random-walk fashion will produce, at the population level, a Gaussian distribution (Skellam 1951) . However, both directed movement and territorial settlement may produce different dispersal patterns (Turchin 1998) . It would be interesting to study theoretically the effect of habitat loss under alternative dispersal algorithms. According to our model, for similar dispersal values, species with small population growth rates and low affinity for human-modified habitats are the most vulnerable to habitat loss. On the other hand, stochastic PVA models (Goodman 1987) suggest that species with large variance in population growth rates are more at risk. Large population growth rate is usually associated with a large variance in mean growth rate (Beissinger 2000) . Therefore stochastic PVA models may give predictions opposite to ours. Unfortunately, we still lack empirical studies that test these two types of predictions explicitly. An indirect test comes from studies looking at the importance of body size as a predictor of vulnerability, because body size, in general, is inversely proportional to population growth rate (Peters 1983 , Calder 1984 . Some studies have found that species with large body size are more vulnerable (Gaston and Blackburn 1996, Gillespie 2001) , but body size is not always significantly correlated with vulnerability (Gaston and Blackburn 1996, Davies et al. 2000) . Owens and Bennett (2000) , for instance, suggested that in birds, small species are more vulnerable to habitat loss and large species more vulnerable to harvesting and trade, which apparently contradicts our results. However, in the Owens and Bennett (2000) data set, habitat affinity and body size were confounded and the effect of dispersal was not analyzed. Furthermore, the critical patch size in our model could be interpreted as the minimum reserve size necessary to protect a species that suffers high mortality from hunting in human-modified lands.
SPECIES VULNERABILITY TO LAND-USE CHANGE
Applying the model
The first attempt at using PVA for a multispecies assessment of habitat requirements was by Belovsky (1987) . He used allometric relationships of population growth rate and population density for mammals and data on variance of rainfall to predict minimum population sizes and habitat area requirements as a function of body mass. More recently, Fagan et al. (2001) used temporal data series to estimate extinction probabilities for 758 species, but those species did not constitute a community and the relationship with land-use change was not studied.
The framework that we propose has similarities to Belovsky's (1987) , in the sense that we use a demographic model and allometric relationships to estimate those model parameters for which we have no data. However, our work differs in that it uses much more life-history data for each species and it focuses on a well-defined regional community, the Costa Rican avifauna. Another difference between our work and previous efforts is that we do not try to predict the extinction probability for each species, an approach that has received some recent criticism (Ludwig 1999, Fieberg and Ellner 2000) . Instead, we estimate the critical patch size below which a population will deterministically decrease to extinction. One of the advantages of our approach is that a deterministic model requires fewer data than a stochastic model (Beissinger and Westphal 1998) .
The critical patch size estimates have two possible interpretations. First, they can be interpreted in absolute terms as a first approximation to minimum areas of contiguous habitat needed to support each species. Second, they can be interpreted in relative terms as a proxy for ranking species by degree of threat. Our sensitivity analysis shows that an interpretation of the estimates in absolute terms is contingent on particular assumptions of the model, for instance, the dispersal behavior at patch edges. This problem is further compounded by the large confidence intervals of critical patch sizes due to the lack of species-level data. Finally, the model presented in this paper considers a single native habitat patch. Pereira (2002) has shown that the qualitative results of the single-patch model still hold when multiple patches are considered, but the critical patch size decreases with decreasing distance between native habitat patches.
We advocate relative interpretations of the critical patch sizes as a tool to rank species by degree of threat. Vulnerability ranks are robust to changes in important model assumptions. Nonetheless, our sensitivity analysis of the unexplained variance in the allometric relationships shows that ranks will not discern small differences in vulnerability. Note that critical patch sizes can be used both to build an ordinal ranking of vulnerability and directly as a quantitative index of vulnerability. For example, two species that are one rank apart may have very different critical patch sizes, and that quantitative difference is informative.
Some of the threatened bird species in the Americas have very specific habitat requirements (Collar et al. 1992) . For those species, critical patch areas could be reinterpreted as area needs for the particular types of habitat that the species uses. In such cases, a fine comparison of vulnerabilities should include the availability of such habitats. In this paper, the goal was to develop a general, simple framework for making a first approximation of vulnerability to land-use change, while deliberately avoiding the devils in the details of each species.
Our sensitivity analysis identifies two important areas for future research. First we need to learn more about dispersal behavior at patch edges and about mortality rates outside native habitat. Second, we need more species-level data on life-history traits. Because this information is difficult to generate, we advocate a strategic approach, focused at least initially on a few well-known faunas in key regions of the world, and on small, contrasting subsets of species in those faunas (e.g., C. H. Sekercioglu, G. C. Daily, P. R. Ehrlich, S. R. Loarie, and V. Ruiz, unpublished data). Such information is crucial to developing and assessing alternative conceptual frameworks for forecasting biodiversity change, and for informing conservation investments to influence the course of that change.
We anticipate that the framework and model developed here will apply well in other tropical regions wherever native and human-dominated habitats are strikingly different from each other (in vegetation composition and structure, microclimate, etc.). We are presently testing its applicability to Neotropical mammals. Where native and human-dominated habitats are more similar to each other, such that the population growth rates of species are similar in both types, we expect that factors other than dispersal and habitat patch area will play greater roles in driving biodiversity change, and that our model might therefore not capture the key mechanisms at work.
Conservation implications
Our modeling framework is intended to serve as a simple and general heuristic tool. As such, it suggests three rules of thumb. First, it suggests that conservation investments in both native and human-dominated habitats can pay off. This is important because in many regions of the world it is difficult to augment the remaining area of native habitat; indeed, the area of native habitat is shrinking rapidly in many places. However, by enhancing the conservation value of humandominated habitat (i.e., raising the mean value of r 2 for the biota, even merely to less negative values), one can slow the decline of many species and thus buy time to make further conservation investments. Second, such investments in human-dominated habitats could enhance the connectivity of a landscape, thereby elevat- Ecological Applications Vol. 14, No. 3 ing the probability that species will encounter suitable native habitat during dispersal. This reinforces other reasons for enhancing connectivity, such as permiting shifts in geographic and elevational range in response to climate change. And third, our framework offers possible insight to the general problem of allocating scarce conservation resources across alternative projects in different regions. In places where the humandominated countryside has very low conservation value, the payoff for an investment might be low as compared to places where r 2 values are less negative or positive for a greater fraction of the biota. That is, some places might be left to intensive agricultural production, in favor of others where the window of opportunity to sustain countryside biotas remains more open.
